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A B S T R A C T

The adsorption kinetics of 85Sr onto three pedologically characterized mineral soils was investigated, namely,
one soil from the Chernobyl-Exclusion zone, Ukraine (CEZ-soil), one soil from the dismantling site of a former
nuclear research reactor in Germany (DRE-soil) and a sandy reference soil (RefeSol-04A) from the Fraunhofer
IME system, Germany. After seven days of treatment with 85Sr on an overhead shaker, Sr-sorption reached a
(temporal) steady state. This timeframe was consistent for all three soils and independent of soil characteristics.
From this experiment, maximum Kd values were calculated and compared with the existing literature. They
agreed well with predictions made by the co-criterion concept for Kd(Sr) proposed by IAEA. Furthermore, the
effect of gamma-sterilization and the consistency of Kd values in soils over longer periods of time is discussed.

1. Introduction

Radiostrontium is of high relevance in the risk assessment of a fis-
sion products release into the environment, especially for the medium
to long-term assessment. Release scenarios include accidents at nuclear
facilities or global fallout from atmospheric nuclear explosions. The two
dose-relevant radioisotopes in this timeframe are 89Sr (T1/2= 50.5 d;
fission yield1: 4.8%) which dominates radiostrontium dose effects in the
first months after a release, and 90Sr (T1/2= 28.8 a; fission yield1:
5.8%) contributing to dose for decades and fostering its radiological
long-term relevance in contaminated areas.

The behavior and potential radiological impact of radionuclides in
soils are principally controlled by their chemical form and speciation
(Walther and Gupta, 2015). In the case of radiostrontium, the mobility
follows the ubiquitously occurring stable Sr, which in turn, is strongly
regulated by its highly abundant chemical homologues calcium, and - to
a lesser extent - magnesium (Bunde et al., 1997). Under environmental
conditions, the alkaline earth elements Sr, Ca and Mg behave chemi-
cally similar and exist exclusively in oxidation state + II (Nilsson et al.,
1985; Gupta and Walther, 2018). Radiostrontium exhibits higher mo-
bility in soil than other important radionuclides such as 241Am,
239+240Pu, and 137Cs (Askbrant et al., 1996; Guillén et al., 2015; Gupta
et al., 2018a).

The fate of radiostrontium – and its homologues - in contaminated
soils is governed by sorption and desorption processes between ex-
change sites of the soil matrix and the soil-solution. To assess this

distribution, the ratio of activity bound to the (immobile) solid phase
(Am=mass activity density in Bq kg−1) and the activity in the (mobile)
soil-solution (Av= volumetric activity density in Bq L−1) is defined as
the distribution ratio (Kd):

=
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Strictly, the Kd value is defined as the Am/Av ratio under thermo-
dynamic equilibrium conditions (IAEA TECDOC 1616 (2009)). How-
ever, in the case of radionuclides under environmental conditions,
dealing with steady-state thermodynamics is rather the exception than
the rule, and the term Kd value is often used in a broader sense as the
distribution of activity at a given point in time - with a more or less
accurate assumption of the progress of thermodynamical equilibration.
Depending on the composition of the contaminated soils, sorption and
desorption of radiostrontium to different soil constituents may take
place at the surface of different chemical phases in soil (see Fig. 1).

For each of these (equilibrium-) reactions, different sorption kinetics
must be assumed, and the observed sorption of a nuclide to a soil is the
consequence of different underlying and inter-dependent chemical re-
actions. These reactions very often did not reach equilibrium yet and in
some cases might even be non-reversible. However, in the strontium
case, numerous studies have found the sorption of Sr to be fully re-
versible within the first weeks and months after contamination (Gupta
et al., 2018b).

Nowadays, increasing interest is also pointing towards the influence
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that soil-dwelling microorganisms have on the Sr-mobility.
Microorganisms have been reported to potentially have mobilizing or
demobilizing effects on strontium either through degradation of bio-
mass (Margon et al., 2013), adsorption on the cell walls (Hu et al.,
2017) or uptake (Liu et al., 2016). Sterilization by γ-irradiation was
shown to not necessarily decrease, but rather increase the sorption of
Sr, at least for a while (Dai et al., 2014), rendering the influence of
microbial activity on Sr-sorption a very complex and difficult-to-assess
subject. Knowledge of the activity distribution between the different
phases and the sorption strength to the soil – being a biological habitat
itself - is crucial for the prediction of Sr mobility in the geosphere, and
the availability for uptake into biota.

Numerous data have been published in the literature, focusing on
the sorption kinetics and sorption capacity for Sr to major soil con-
stituents, e.g. clay minerals (Al Attar et al., 2016; Ohnuki and Kozai,
1994), organic matter (Van Bergeijk et al., 1992; Valcke, 1993), ses-
quioxides (Chiang et al., 2010), and Ca-minerals (Robison et al., 2000;
Sengupta et al., 2017). In soils, which consist of a complex mixture of
different chemical/mineral phases, the sorption capacity (and thus
‘steady-state’ Kd) for Sr has been shown to be strongly correlated with
the cation-exchange-capacity (CEC) of the concerning soil (Ohnuki,
1994), and to be anti-correlated with the abundance of the main Sr
competitors Ca and Mg in the soil-solution ([Mg]SS+[Ca]SS)2 (Rauret
and Firsakova, 1996). Using only CEC and the concentrations of the two
main competitors of Sr in soil-solution a strongly simplified equation for
the prediction of strontium Kd via the so-called co-criterion concept was
derived (Gil-García et al., 2008):

=

+

K Sr CEC
Mg Ca

( )
([ ] [ ] 2)d

SS SS (2)

The above equation may seem very simplistic at first, given the fact
that many other factors have been reported to interfere with Sr

sorption. For instance clay-content of soil, pH (Smičiklas et al., 2015,
Baeza et al., 1995), and organic matter content (Valcke, 1993)) have
been shown to correlate with Sr-sorption, while the ionic strength
(taking into account other potentially competing cations in the soil) has
been shown to anti-correlate (Wallace et al., 2012). However, the co-
criterion concept indirectly takes into account a large majority of these
correlations by using the empirically determined CEC and by focusing
only on the two most dominant ionic interferences of Sr in soil, even
neglecting the effect of stable Sr completely.

The dominant sorption mechanism to solid soil phases is an outer-
shell sorption of the hydrated Sr2+ ion to cation-exchanger sites (Fuller
et al., 2016; Yamaguchi et al., 2018). For the majority of mineral soils,
sorption to (clay) minerals dominates the sorption to other compart-
ments (Ehlken and Kirchner, 2001). Organic matter and sesquioxides
also contribute to sorption, but they become dominant only in soils
containing high amounts of these phases (Van Bergeijk et al., 1992;
Chiang et al., 2010; Guillén et al., 2015). Though in some studies a
significant effect of ageing of Sr was found over some years (Eslava-
Gomez and Brown 2013; Rigol et al., 1999), on a short timescale, the
sorption of Sr to soils has in general shown to be completely reversible
(Al Attar et al., 2016; Noordijk et al., 1992; Corcho-Alvarado et al.,
2016).

While the sorption of Sr to pure mineral phases has been shown to
typically proceed within hours (Ohnuki and Kozai, 1994; Bilgin et al.,
2001), sorption to soils may take up to some days, depending on soil
characteristics (Smičiklas et al., 2015). The present work is focused on
adsorption kinetics of Sr to three mineral soils. These soils (two from
90Sr-contaminated sites of nuclear operations and one reference soil)
were selected for plant cultivation experiments aiming at the effect of
biological methods on the radionuclide transfer in potatoes and winter
rye. After artificial contamination of the soils with 85Sr and prior to the
beginning of plant growth and biological treatment of the soil with
selected fungal strains, a well-defined ‘steady’ state of Sr-distribution
was required. The minimum equilibration time span for this phase was

Fig. 1. Distribution of radiostrontium in soil.

2 SS= in the soil-solution.
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obtained from the Sr-adsorption trend presented in this work.
Furthermore, we compare our obtained results for Sr-Kd with two

predictive tools suggested by IAEA (TECDOC 1616), namely the co-
criterion concept (see eq. (2)) and the ‘texture/OM’-criterion, in which
suggestions on the range of Sr-Kd's are made by very roughly classifying
the soils as either belonging to the ‘Sand group’ (> 65% sand< 18%
clay), to the ‘Clay group’ (> 35% clay), to the ‘Organic group’ (> 20%
organic matter) or to the ‘Loam group’ (all others).

2. Materials and methods

2.1. Selection of soils

In this experiment, we used three different soils: The first soil was
taken from a former agricultural field inside the Chernobyl-Exclusion
Zone, Ukraine (CEZ-soil), close to the former community of Kopachi
village, 5 km south-southeast of the former Chernobyl nuclear power
plant. It had been part of an agricultural field of a local farming com-
munity and was abandoned in 1986. Soils for the batch experiment
were taken from the upper 30 cm and homogenized. The second soil
was taken from the construction site of a dismantled nuclear research
reactor in Germany (DRE-soil). It was chosen as a soil of interest in the
project due to a reported 90Sr contamination, found after decom-
missioning of the reactor. The soil was excavated from roughly 1m
depth, sieved and homogenized. The third soil was a sandy reference
soil (“RefeSol-04A”) from Fraunhofer IME System, Germany.

2.2. Characterization of soil samples

Determination of soil pH was performed according to DIN EN 15933
(2012), in 0.01M CaCl2 solution. For soils of pH > 6.9, an additional
analysis of carbonate content (DIN EN ISO 10693 1995 and 2014, re-
spectively) was carried out. Soil carbon was determined via oxygen-
aided combustion using a CNS analyzer ('Vario EL Cube', Elementar
Analysensyteme GmbH). This analysis yielded the total carbon content,
which had to be corrected for inorganic carbon content at pH > 6.9.
Subsequent to disintegration of organic matter and removal of soluble
salts, carbonates, oxides and particle size distribution of the samples
were analyzed by wet sieving and sedimentation according to DIN ISO
11277 (2002). Dithionite and oxalate soluble fractions of iron, alumi-
nium, and manganese oxides were extracted using a standard operation
procedure based on DIN EN ISO 12782-2 (2012) and DIN EN ISO
12782-3 (2012), respectively, and measured using an inductively-cou-
pled plasma optical emission spectroscopy (ICP-OES) ('iCAP 600′,
Thermo Scientific, Germany). For the determination of cation exchange
capacity (CEC) of the soils, the silver-thiourea method was applied
(Dohrmann, 2006). Table 1 summarizes the results of the pedological
characterization of the investigated soils.

According to the texture/OM criterion (IAEA TECDOC 1616
(2009)), the CEZ-soil belongs to the “loam-group”, whereas DRE-soil
and RefeSol-04A belong to the “sand-group”. While sesquioxide con-
tents are in the same range for all three soils, contents of silt, clay, and
organic matter (OM) differ significantly. The DRE-soil can be classified

as a pure sand soil with very little clay as well as OM content, neutral
pH and a low cation-exchange capacity. The history of pedogenesis of
this soil is unknown, and the origin possibly anthropogenic (construc-
tion sand).

The soil from the vicinity of the Chernobyl nuclear power plant
(CEZ soil) can be described as a slightly acidic, very silty sand soil, with
very limited content of clay and organic matter, as well as a low CEC.
The reference soil used is a slightly acidic, silty sand soil with low clay
content, but in comparison to the other two investigated soils (CEZ and
DRE); it shows rather high organic matter content and a comparably
high CEC.

2.3. Batch experiments

Our experiments aimed at ensuring a complete Sr equilibration in
soil, prior to planting in an upcoming plant cultivation experiment.
Therefore, untreated (air-dried) soils and a minimum amount of soil
solution was used for contamination, just high enough to retract suffi-
cient supernatant water for the subsequent gamma-analysis.

The standard lab procedure involved 0.01M CaCl2 solution as a
matrix to simulate ionic strength of natural soil solution. In order to
assure the same ratio of soil-solution to dry-mass for all three (air dried)
soils, the relative content of residual water H O rel2 of each soil was
determined gravimetrically by drying representative aliquots of the
samples at 105 °C until weight constancy was reached. Triplicate batch
samples for each individual soil were produced along with a single
batch containing no soil (blank standard) for each data point in the
following way: An equivalent of 10 g of dry soil ( −10/(1 H O ))grel2
airdried soil) was weighed into a 50mL plastic centrifuge vial and
supplemented with a CaCl2 solution ([CaCl2]= 0.01M) completing the
residual water of the soils to a total soil-solution of 10ml.

An initial 85Sr activity Atotal = 500 Bq was added by pipetting
200 μL of activity standard (0.1M HCl, 1.4 mg L−1 equalling
8.8×10−6 M and corresponding to a total amount of 1.8 nmol stable
SrCl2) that was obtained by diluting an activity standard provided by
Physikalisch-Technische Bundesanstalt, Braunschweig. Subsequently,
the vials were sealed air-tight, and the solutions were agitated on an
overhead shaker (15 rpm). A set of samples (triplicate of each
soil + blank standard) was retracted from the overhead shaker after 1,
2, 3, 7, 14, and 28 days, respectively. After 28 days the experiment was
ended. After the respective equilibration times, samples were cen-
trifuged for 10 min at 760 g. The supernatant was filtered (Schleicher
and Schüll 595 ½; pore size 4–7 μm) and 1 mL of the filtrated super-
natant was pipetted onto a charcoal filter, weighed out and air-dried.
Soil solution activity (Av) was quantified relative to the (decay-cor-
rected) activity measured in the respective blank sample. Kd values
were calculated using the formula:

= =
−K A

A
A A

Ad
m

v

total v

v (3)

In a second run of batch experiments, the effect of gamma-ster-
ilization on the sorption process was studied, in order to investigate on
the potential role of microorganisms. Therefore, the above-mentioned

Table 1
Pedological characterization of the investigated soils. DRE= Soil from the construction site of a former German research reactor. CEZ= Soil from the vicinity of the
former Kopachi-village, 5 km southeast of the Chernobyl nuclear power plant. Ref.=Reference soil (“RefeSol-04A”) provided by Fraunhofer IME, Schmallenberg,
Germany. CEC= Cation Exchange Capacity (effective). OM= Organic Matter calculated from organic carbon content. Meo=Oxalate soluble. Med=Dithionite
soluble. molc= charge equivalent amount.

Soil Texture (DIN ISO 11277) pH (CaCl2) Sesquioxides CEC (eff) OM (Corg x 1.72)

Clay % Silt % Sand % Alo g kg−1 Mno g kg−1 Feo g kg−1 Fed g kg−1 Feo/Fed mmolc kg−1 % (weight)

DRE 3.3 6.3 90.4 7.4 0.42 0.06 0.56 6.71 0.08 34.4 0.16
CEZ 5.7 39.6 54.7 5.6 0.57 0.46 0.95 3.53 0.27 42.6 1.7
Ref. 2.9 8.5 88.6 5.3 1.54 0.14 0.60 2.56 0.24 71.4 4.6
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procedure was applied in parallel to both, DRE-soil with and without
former gamma sterilization. Gamma sterilization was performed by an
external company (Synergy Health Radeberg GmbH), by administering
a total dose of 40 kGy using a Co-60 source. In this run, pH was mea-
sured in-situ after centrifugation and prior to filtration of the super-
natant solution.

2.4. Gamma measurements

Gamma-ray measurements of 85Sr (half-life: 64.8 days) were eval-
uated using the 514 keV line on a Canberra 131 cm³ co-axial n-type
high-purity germanium (HPGe) detector with a relative efficiency of
28% at the 1332 keV 60Co line, and a resolution of 1.9 keV (at the
1332 keV line). Quantification was achieved relative to a standard so-
lution that was prepared parallel to the measurements but without
contact to soil. All measurements were decay-corrected to the same
point of time.

2.5. Measurements for stable Ca and Mg

Stable Ca and Mg concentrations were determined in the soil solu-
tion after 7 days of equilibration in all three investigated soils (CEZ,
DRE and Ref-Soil), measuring triplicate samples diluted in water with
an inductively-coupled-plasma mass spectrometer (ICP-MS) with a
quadrupole mass analyzer ‘iCAP Q’ from ‘Thermo Fisher Scientific,
Germany’. Each measurement was performed in five-fold replicate.
Quantification was done using an external ICP-standard. The signals at
m/q=42 amu/e and m/q=24 amu/e were used to quantify con-
centrations of the Isotopes 42Ca and 24Mg, respectively. The correlation
coefficients of the external calibration were r2= 1.00 for 42Ca and
r2= 1.00 for 24Mg.

3. Results and discussion

3.1. Batch experiments

Fig. 2 shows the temporal trend of activity distribution in the three
soils in the course of the experiment.

All three soils showed very similar 85Sr adsorption kinetics with
maxima after 7 days. This is much slower than the sorption rates re-
ported for pure mineral phases (Ohnuki and Kozai, 1994; Bilgin et al.,

2001), where equilibrium was usually reached within hours of agita-
tion. While the CEC of the two mineral soils (DRE-soil and CEZ-soil) can
be attributed mainly to the clay-fraction, a stronger influence of organic
matter on CEC should be expected for the Ref-soil. However, we found
no significant difference in the adsorption kinetics for the three soils.
The similarity of the sorption trend of the three different soils might be
interpreted as a predominantly diffusion-controlled process, as had
been reported elsewhere (Chiang et al., 2010). It should be noted
though that other effects, such as an incorporation of strontium into
solid phases cannot be excluded based on the retrieved adsorption trend
alone. The maximum Kd, however, differs for the three soils. In Fig. 3,
the Kd values are plotted against the respective cation-exchange capa-
cities of the soils.

Kd and CEC correlate linearly in the frame of the experiment in
which the sum of Ca and Mg concentrations in solution were very si-
milar for all three soils due to the use of 0.01M CaCl2 solution (see
Table 2). This agrees well with the predictions made by IAEA and others
(Rauret and Firsakova, 1996, Gil-García et al., 2008).

The results of the ICP-OES measurements for stable alkaline earth
metal ion concentrations in the soil-solution after 7 days of equilibra-
tion are summarized in Table 2. The resulting predictions based on the
co-criterion, as well as the texture/OM criterion concept as published in
IAEA-TECDOC-1616 (2009) are also given and compared to the equi-
librium-Kd values found in this work (see Fig. 2).

Comparing the measured Kd-values with the suggested ‘predictions’
based on the texture/OM criterion we find the presented results to be
much lower than the suggested ‘best estimate’ and in the very low range
of suggested values. This is not unexpected due to the use of 0.01M
CaCl2 solution in the extraction, but it showcases the lack of robustness
that the texture/OM criterion offers for the prediction of Sr-Kd and any
decision eventually derived. In contrast to the texture/OM criterion, the
measured values proved to be remarkably well-predictable by the co-
criterion approach using eq. (2).

It should be noted that Kd values reached a maximum after seven
days of agitation and showed only a very slight decline in the following
three weeks that were part of the experiment (see Fig. 2). This effect
was very small (roughly 5% for Ref- and DRE-soil and 1% for CEZ-soil)
and not statistically significant in the case of CEZ and DRE soil, yet
consistently present for all three soil types. This observation is

Fig. 2. Development of the activity-distribution of 85Sr over 28 days in three
different soils. Assuming an equilibration towards a static Kd at constant ther-
modynamical conditions, the equation =

+
Ky ax

ax d
( )

1 , was fitted to the data, with

the free parameters a and Kd using the data analysis software Origin© 2016.

Fig. 3. Correlation of Sr-Kd and effective Cation-Exchange-Capacity (CEC). X-
errors indicate the standard deviation of the double-quantification (N=2) of
CEC. Y-error bars indicate the uncertainty of the Kd-parameter, as a result of the
fit algorithm (see Fig. 2). The parameters of the linear fit (red line, y = a + bx)
are: a = −0.71 ± 0.10; b = 0.081 ± 0.002; r2= 0.999; χ2 (re-
duced)= 0.844. (For interpretation of the references to colour in this figure
legend, the reader is referred to the Web version of this article.)

W. Schulz et al. Applied Geochemistry 101 (2019) 103–108

106



inconsistent with the concept of a final thermodynamical Kd and a
number of mechanisms may come into consideration here. As the
amount of exchange-sites should be rather constant over the period of
the experiment we assume that the measured decline was caused by a
slow change of thermodynamical conditions inside the gas-tight cen-
trifuge tubes. Such changes - presumably caused by microorganisms –
might involve the partial reduction of iron oxide phases and the release
of protons, both lowering the availability of sorption sides for Sr.

The experiments described above were repeated with a gamma-
sterilized DRE-soil and another batch of (unsterilized) DRE-soil in
parallel (Fig. 4).3

No significant difference in the adsorption trend or in the (max-
imum) Kd was observed in the comparison of sterilized vs. unsterilized
soil. In the case of the sterilized soil, the Kd continuously increased (as
opposed to a minute decline after 7 days), however the range of un-
certainties does not allow to give a conclusive statement on the effect of
gamma-irradiation and microbial influence.

In this experiment, we also carefully monitored the development of
pH for each data point (see Fig. 5).

The pH values measured decreased slightly over time, which might
explain the partial desorption of Sr in the later stage of the experiment
(see Fig. 4). However, both, Kd and pH time evolution are very similar
for gamma-sterilized and non-sterilized soil. We thus conclude, that
microbiological activity was not primarily responsible for this

development neither by reduction of reducible iron nor by exudation of
protons. Also the uptake of strontium by microorganisms seems negli-
gible. The case of potential adsorption on the cell walls of micro-
organisms, however is hard to assess, as these sorption-sites might stay
intact for a while after irradiation (Dai et al., 2014) and a slow de-
composition of dead biological matter may well be present in both the
sterilized and the unsterilized samples. It should also be noted that the
experiment was continued at non-sterile conditions, rendering con-
tamination with microorganisms at a later stage quite plausible.

In any case, the ongoing change of pH throughout the experiment
emphasizes the fact that the concept of a ‘final Kd’ value in a soil – being
a complex geochemical admixture as well as a biological habitat – can
be rather elusive over longer time periods.

4. Conclusions

Strontium adsorption on soils has been shown to proceed rather fast.
The kinetics were surprisingly little affected by differences in the soil
characteristics insinuating no big differences in the sorption kinetics of
Sr to the different soil phases contributing to CEC, which might be
explained by the kinetics being predominantly diffusion-controlled.
While Sr-sorption may be a very fast process when applied to pure
suspended phases, in the case of contamination of real soils even under
continuous agitation, an equilibration time of one week should be al-
lowed before the process of Sr adsorption can be expected to be in a
‘steady-state’. A longer equilibration time did not lead to a further in-
crease in Kd values. In contrast, a minute decline of Kd values was ob-
served over the following weeks, which probably reflects the changing
thermodynamical conditions in the gas-tight, non-sterile plastic tubes.
This explanation is supported by the slow decline of pH in the samples
that were measured over the following weeks.

The use of a 0.01M CaCl2 solution as the liquid phase lead to

Table 2
Results of stable earth-alkaline contents in the soil solution after 7 days of equilibration and resulting predictions for Kd. 1)Predictions taken from IAEA Tecdoc 1616
(2009). Uncertainties (in brackets) based on standard deviation (SD) of triplicate measurements for [Ca]SS, [Mg]SS and Kd (this work). Uncertainties of predicted Kd

based on error propagation from [Ca]SS and [Mg]SS and CEC.

Soil [Ca]SS mM [Mg]SS mM Kd (predicted, co-criterion) 1) L kg−1 Kd (predicted, texture/OM)1) L kg−1 Kd found (this work) L kg−1

DRE 9.6 [0.4] 0.4 [0.004] 3.4 [0.05] 110 (0.4–2400) 2.1 [0.04]
CEZ 6.9 [2.1] 1.6 [0.5] 5.0 [1.67] 160 (2–2500) 2.7 [0.05]
Refsoil 9.4 [0.07] 1.4 [0.001] 6.6 [0.05] 110 (0.4–2400) 5.1 [0.09]

Fig. 4. Kinetics of the 85Sr activity-distribution over 28 days in a sterilized and
an unsterilized DRE-soil. Assuming an equilibration towards a static Kd under
thermodynamically invariable conditions, the equation: =

+
Ky ax

ax d
( )

1 , was fitted

to the data with the free parameters a and Kd using the data analysis software
Origin© 2016.

Fig. 5. Time evolution of pH in DRE-soil over the course of the experiment.
Error bars indicate standard deviations (SD) within triplicates.

3 A data point for sampling after 14 days was retrieved, but was discarded in
the graph because the execution of the analytical procedure turned out to be
erroneous. For the discussion of this data point, see supplementary material.
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comparably low Sr-Kd values. This effect was well predicted by the co-
criterion concept suggested for the estimation of Sr-Kd values, while - in
this particular case of comparably high Ca-concentration- the predic-
tion of Kd values solely based on the texture/OM criterion leads to an
overestimation by almost two orders of magnitude. We therefore
strongly suggest to use the co-criterion concept over the texture/OM
concept, whenever the needed data for CEC and ([Mg]SS+[Ca]SS) can
be retrieved or estimated well enough.
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